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ABSTRACT
In some seepage lakes, acid neutralising capacity (ANC) is regulated by precipitation chemistry and in-lake biogeochemical pro-
cesses with little influence from groundwater and catchment runoff. However, additional environmental contexts, for example, 
landscape position and changing precipitation dynamics, may also contribute to variability in ANC across lakes over time. We 
used a mixed effects model to assess the influence of changing precipitation patterns and the chemistry of hydrologic inputs 
on ANC in seven northern Wisconsin, USA seepage lakes from 1984 to 2018. We observed differential ANC responses across 
lakes to the concomitant changes in precipitation acidity and post-drought oxidative acidity pulses from adjacent wetland soils. 
Although all study lakes lie within a 4 km2 area, mean lake ANC values ranged from 32.8 ± 25.2 μeq L−1 to 71.9 ± 26.8 μeq L−1 and 
were inversely related to lake landscape position. Lakes with higher mean ANC also showed lower relative variability over time, 
suggesting that these lakes were better buffered than those with lower ANC. Mixed effects modelling explained 50% of the ANC 
variability across all lakes, while model explanatory power ranged from 39% to 71% when ANC was assessed within individual 
lakes. The range of modelled ANC accuracy highlights the complex nature of biogeochemical regulation in individual seepage 
lakes, despite their shared geographic setting. Our study demonstrates the utility of mixed effects modelling for repeated meas-
ures analysis, emphasising the necessity of long-term studies to evaluate seepage lake ANC responses to changing hydrologic 
and biogeochemical inputs.

1   |   Introduction

Freshwater lakes acidify when acid inputs exceed lake buff-
ering capacity. The ecological condition of surface waters is 
often assessed through measurement of this acid neutralis-
ing capacity (ANC) with system-specific ANC targets greater 
than zero defined to ensure the protection of aquatic habitats 
(Adams 1991; Sullivan et al. 2012). Acid neutralising capacity in 
surface waters often serves as the basis for pollutant critical load 

thresholds (Adams 1991; Pardo 2010; Sullivan et al. 2012; U.S. 
EPA 2016). Despite greater regulation of stationary air pollutant 
sources to reduce atmospheric sulphate and nitrate deposition 
in the United States (Stoddard et al. 2003; Burns et al. 2011) and 
Canada (Watmough, Eimers, and Baker  2016), some freshwa-
ter systems have shown only modest recovery in ANC or pH in 
recent decades (Jeffries, Clair, et  al.  2003; Eimers et  al.  2007; 
McDonnell et  al.  2014; Watmough, Eimers, and Baker  2016; 
Watmough and Eimers 2020).
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A particular challenge in predicting lake acidification responses 
to changing acid deposition regimes is the identification of 
relevant biogeochemical sources and processes. For example, 
several studies have reported robust long-term recovery of 
lake ANC in response to reduced atmospheric sulphate depo-
sition rates (Driscoll et  al.  2003; Stoddard et  al.  2003; Strock 
et al. 2014), whereas other researchers have reported minimal 
or delayed effects of those same atmospheric deposition trends 
on lake ANC in different settings (Clair, Dennis, and Vet 2011; 
Watmough and Eimers 2020; Marty et al. 2021). Notably, many 
of the lakes exhibiting gradual or delayed ANC responses 
occur in low-relief glaciated landscapes, surrounded by organic 
matter-rich wetland catchments; this suggests a confounding in-
fluence of organic acidity on ANC status in these lakes (Jeffries, 
Brydges, et al. 2003; Clair, Dennis, and Vet 2011). Such disparate 
lake responses highlight the need to consider a broad range of 
biogeochemical and hydrologic drivers to understand the miti-
gating and exacerbating factors of lake ANC status.

While national monitoring networks such as the National 
Atmospheric Deposition Program (NADP) in the United States 
have enabled researchers to directly assess ecosystem responses 
to long-term acid deposition reductions (Stoddard et  al.  2003; 
Burns et al. 2011; Hobbs, Lynch, and Kolka 2017), characteris-
ing the temporal patterns of acid inputs from other, more tran-
sient sources has proven difficult. This challenge is especially 
acute in the context of poorly buffered seepage lakes, which 
can be disproportionately influenced by atmospheric and catch-
ment inputs with minimal groundwater interaction (Webster 
et  al.  2006) when they occur in high landscape positions or 
high in the groundwater flow field (Cheng and Anderson 1994; 
Kratz et al. 2006). As a result, the hydrologic and biogeochem-
ical source contributions to these systems can be temporally 
variable (Krabbenhoft and Webster  1995; Watras et  al.  2014). 
Episodic acidification in these lakes can also occur as a result 
of inputs from catchment sources such as wetlands, complicated 
by the effects of climate and local hydrology (Webster, Brezonik, 
and Holdhusen 1993; Eilers and Bernert 1997; Devito, Hill, and 
Dillon  1999). Baker et  al.  (1991) proposed that lake acidifica-
tion can be deposition, catchment or organic acid dominated, 
requiring the identification of all significant input sources as 
contributing factors. Clearly, the transient nature of hydrologic 
and biogeochemical inputs to some seepage lakes necessitates a 
detailed understanding of the processes affecting ANC status in 
these systems. This is particularly true in light of the potentially 
significant shifts in hydrologic regimes predicted under future 
climate scenarios (Reidmiller et al. 2019).

To investigate the hydrologic and biogeochemical drivers of 
ANC status in northern seepage lakes, we developed a mixed ef-
fects model to assess the importance of atmospheric and catch-
ment contributions to lake ANC during the open water season. 
We compared modelled ANC estimates to long-term (1984–1995 
and 2007–2018) records of lake ANC in seven seepage lakes 
located in the Rainbow Lake Wilderness (RLW) area of north-
western Wisconsin, USA. The modelling results presented here 
highlight the dynamic effects of atmospheric and catchment 
contributions to these lakes over time and the role of landscape 
position as a regulator of overall lake sensitivity to acid inputs 
from atmospheric and catchment sources.

2   |   Materials and Methods

2.1   |   Study Site and Sample Collection

The RLW is a 2585 ha parcel of land in the Washburn/Great 
Divide Unit of the Chequamegon-Nicolet National Forest in 
Bayfield County, Wisconsin, USA (Figure 1). It is designated a 
Class I area by the Clean Air Act; therefore, assessment of im-
pacts from new industrial-related air emissions on air quality-
related values is required. It is also designated as a wilderness 
area by the USDA Forest Service primarily due to its numerous 
pristine lakes. Lakes in the RLW are primarily small seepage 
lakes that are currently unaffected by significant development; 
remnants of an old railway bed and former logging roads persist 
in the area and are now used as hiking trails. Forest vegetation 
has recovered following intensive logging and forest fires in the 
early 1900s, with regenerated forest cover largely comprised of 
a deciduous-dominated mix of sugar maple (Acer saccharum), 
aspen (Populus spp.), red maple (Acer rubrum), basswood (Tilia 
spp.), oak (Quercus spp.) and hickory (Carya spp.) interspersed 
with coniferous red pine (Pinus resinosa), northern white cedar 
(Thuja occidentalis), white pine (Pinus strobus), jack pine (Pinus 
banksiana), spruce (Picea spp.) and balsam fir (Abies balsamea) 
(Haugen 1998).

The flat to gently rolling topography of the study area reflects 
the complex history of glaciation in northern Wisconsin more 
broadly (Fitzpatrick et al. 2015). At least seven postglacial shore-
lines have been identified across the Bayfield Peninsula associ-
ated with the gradual decline in water levels in Lake Superior 
(Fitzpatrick et  al.  2015). This has resulted in a series of alter-
nating clay and sand layers throughout the area, contributing 
to isolated pockets of perched groundwater tables that can be 
disconnected from the deeper groundwater flowpaths by more 
than 30 m (Fitzpatrick et  al.  2015). Upland soils (typically 
Spodosols) in the study lake catchments are characterised as 
sandy with low clay content and very high infiltration capac-
ity, whereas soils in low-lying areas are primarily Histosols with 
high organic content subject to frequent saturation (NRCS Soil 
Survey Staff 2021).

The seven lakes included in our study lie approximately along a 
spatial gradient of both land surface elevation and distance from 
the regional groundwater divide, in alignment with the local 
groundwater flow field (Figure 1; Graham et al. 2019). While all 
of the study lakes are classified as seepage lakes, the true extent 
of groundwater connectivity to individual lakes is unclear given 
the paucity of groundwater measurements in the study area 
(Fehling et al. 2018; Graham et al. 2019). The layering of post-
glacial shoreline deposits and the potential for localised perched 
water tables throughout the Bayfield Peninsula add additional 
complexity to the estimation of groundwater connectivity in the 
study area (Fitzpatrick et al. 2015).

The seven seepage lakes considered in this study have been 
intermittently monitored by the USDA Forest Service since 
1984, mainly during the open water season. Lake monitor-
ing data have typically included colour, pH, ANC and dom-
inant ions (Ca2+, Mg2+, K+, Na+, Cl−, SO4

2−) although not all 
measurements are collected in every year. Lake ANC (μeq 
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L−1) for this study was determined using a Gran titration on 
unfiltered water samples (Wilde et  al.  1998). Gran titrations 
are recommended for samples with low anticipated buffer-
ing capacity and when contributions to alkalinity are from 
mineral acids, organic acids or other non-carbonate sources 
(Wilde et al. 1998). During the years 1996–2006, an incorrect 
titration endpoint was used for ANC determination; samples 
from these years were therefore omitted and only data from 
1984 to 1995 and 2007 to 2018 were included in our analy-
sis. After 2016, a different analytical laboratory was used for 
ANC determination on lake samples. Although both pre-2016 
and post-2016 laboratories used the same analytical method 
for ANC determination, a sharp decrease in ANC occurred in 
some lake samples after 2016. No meteorological anomalies 
(e.g., excessive drought or heat, heavy rainfall) occurred in 
northern Wisconsin during this time period, so it is possible 
that the change in laboratory during this time may have in-
troduced an analytical artefact. In addition to this long-term 
water chemistry sampling, an additional water sample was 
collected once from each lake in August 2021 (Anderson, 
Bufo, Clay, Reynard, Wishbone lakes) or October 2023 (Beaver 
and Flakefjord lakes) for determination of water isotopic com-
position (δ2H and δ18O of water) at the USDA Forest Service 
Northern Research Station Forestry Science Laboratory in 
Grand Rapids, Minnesota, USA. To assess the relative im-
portance of precipitation and groundwater contributions to 
the study lakes, we compared lake water isotope values to 
previously reported δ2H and δ18O ranges for 17 local ground-
water samples in the Washburn-Great Divide Unit of the 
Chequamegon-Nicolet National Forest (Fehling et  al.  2018) 
and 14 summer precipitation samples in northern Wisconsin 
(Kendall and Doctor 2004).

2.2   |   Spatial Analysis

A geographic information system (GIS) was constructed 
using Quantum GIS (QGIS) (Quantum GIS Development 
Team  2012). Lake bathymetry was digitised from scanned 
copies of the State of Wisconsin Lake Survey Series contour 
maps and projected to NAD 1983 Wisconsin Transverse 
Mercator. The GIS layers for soils, vegetation and elevation 
were obtained from various sources through the USDA-NRCS 
Geospatial Data Gateway (NRCS Soil Survey Staff 2021). The 
assembled GIS data were used to calculate areas and volumes 
of relevant geophysical features (Table  1); calculated values 
were then used as deposition weighting factors for interpo-
lated precipitation and catchment runoff data. All watersheds 
were delineated by Mr. Dale Higgins, USDA Forest Service 
Hydrologist (retired) with the Chequamegon-Nicolet National 
Forest, as the low relief and hummocky terrain of the RLW 
area confounded digital elevation model-based watershed 
delineations.

2.3   |   Model Parameter Estimation

The potential drivers of lake ANC dynamics considered in our 
analysis included total monthly acid deposition to each catch-
ment (μeq month−1), total monthly organic acidity in modelled 
runoff from saturated hydric soils (μeq month−1; runoff events 
were grouped based on whether or not they immediately fol-
lowed drought conditions to assess the potential influence of 
oxidative acidity generation) and time (expressed as the number 
of months since the initiation of sampling in May 1984, ranging 
from 0 in May 1984 to 398 in August 2018).

FIGURE 1    |    Location of study lakes and catchments in the Rainbow Lake Wilderness (RLW) area. Red line shows the nearby groundwater divide 
(recharge zone) and black arrows indicate the direction of groundwater flow away from the recharge zone from Graham et al. (2019). Hydric soils 
used in the estimation of organic acidity inputs to lakes are shown in brown for each catchment. Map shading indicates the local land surface eleva-
tion gradient. The red star on the inset map shows the location of RLW in northwestern Wisconsin.
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We used a charge balance approach to quantify monthly atmo-
spheric acid deposition to the lakes and catchments:

Ions in Equation  (1) are routinely measured in wet deposi-
tion samples collected as part of the NADP National Trends 
Network monitoring program (National Atmospheric 
Deposition Program 2011). Precipitation chemistry data were 
averaged from the two nearest long-term monitoring stations 
(WI36 and WI37), and local RLW precipitation amounts were 
estimated to calculate monthly deposition acidity fluxes from 
May 1984 to August 2018. Using GIS, we located the centroid 
of the minimum bounding box surrounding the catchments 
for all seven lakes and estimated precipitation volumes for 
the RLW area, interpolated to the centroid (46.40354 lati-
tude, −91.19487 longitude) using the Parameter-elevation 
Regressions on Independent Slopes Model, or PRISM (PRISM 
Climate Group 2012). Ion deposition to lakes was multiplied by 
catchment area to calculate area-weighted monthly acid depo-
sition fluxes. Dry deposition fluxes are not included as part 
of routine NADP monitoring, although in 2000 NADP began 
reporting annual total S and N deposition across the United 
States by combining modelled dry deposition estimates with 
routine measurements of wet S and N deposition at monitor-
ing sites (Schwede and Lear 2014). For the portion of our study 
period from 2007 to 2018, we downscaled the annual NADP 
estimates of dry S and N deposition to a monthly timestep 
(assuming equal rates of dry deposition across all 12 months 
of a calendar year) and calculated the total S and N deposi-
tion across each lake watershed as the sum of monthly dry 
deposition estimates and wet deposition measurements. For 
study years prior to 2000, we used proportional dry deposition 
contributions to total atmospheric deposition of 25% and 20% 
for S and N, respectively, based on measurements of total and 
dry only S and N deposition measured by Baumgardner et al. 
(2002) at a northern Wisconsin monitoring site. Baumgardner 
et al. (2002) estimated mean annual total sulphur and nitro-
gen deposition (dry + wet) and mean annual dry sulphur and 
nitrogen deposition from 1990 to 1993 and 1997 to 2000, mak-
ing them a more temporally appropriate match for the portion 
of our study period from 1984 to 1995. Using these estimates of 
dry S and N deposition, as well as our monthly wet SO4

2− and 

NO3
− deposition data from NADP, we calculated total monthly 

S and N deposition across each lake watershed area. As S and 
N historically constitute the largest dry deposition inputs in 
our study area, we only considered wet deposition inputs of 
the remaining ions in our charge balance model.

Organic acidity inputs to lakes from hydric soil runoff were es-
timated using a ‘fill and spill’ approach, as topographic relief is 
minimal in the study area and saturated hydric soils generally co-
incide with areas of low slope (0%–3%). From May 1984 through 
August 2018, we calculated the cumulative water volume (m3) to 
a depth of 20 cm potentially available for runoff from saturated 
hydric soils each month; this depth was chosen because even dry 
conditions do not lower water levels more than approximately 
30 cm in hydric soils due to increases in water tension (NRCS 
Soil Survey Staff 2021). Monthly cumulative water volume was 
calculated as the difference between area-weighted precipitation 
inputs and total monthly evapotranspiration (estimated using a 
simplified Penman equation [Valiantzas 2006]). When the esti-
mated cumulative water volume was positive, we assumed that 
all runoff from the upper 20 cm of the hydric soil profile reached 
the lake. To estimate the total organic acid equivalents in runoff 
from wet hydric soils, we used the organic acidity concentration of 
112 μeq L−1 reported by McLaughlin and Webster (2010) for pore-
water at 25 cm depth in a northern Ontario peatland. Assuming 
a triprotic model (Driscoll, Lehtinen, and Sullivan  1994), this 
organic acidity estimate yields a DOC concentration of approxi-
mately 25 mg L−1; this concentration is within the range of pore-
water DOC concentrations (16–101 mg L−1, median 57 mg L−1) 
measured across 17 peatland sites in northern Wisconsin by 
Buffam et  al.  (2010). Estimated organic acidity was multiplied 
by runoff volume estimates to quantify the total organic acid 
equivalents contributed to each lake from saturated hydric soils 
each month. In the Beaver Lake and Bufo Lake catchments, sat-
urated hydric soils are not proximal to the lake perimeter as is 
the case for the other lakes (Figure 1). For these two lakes, a dis-
tance decay weighting approach was used to accommodate the 
reduction in acid pulse impacts along longer flowpaths (Canham 
et  al.  2004). Acid inputs were multiplied by the inverse of the 
shortest line length between the two nearest edges of saturated 
hydric soil and lake surface polygons. As saturated hydric soils in 
the Bufo Lake catchment are linked in an arc (Figure 1), only the 
nearest leading edge of the closest polygon was used to calculate 
the weighting measure.

(1)
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(
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4
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3
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)

−
(

2
[

Ca2+
]

+2
[

Mg2+
]

+
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Na+
]

+
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K+
]

+
[
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4

])

TABLE 1    |    Physical features of the RLW lakes. Saturated soils percentages are the sum of all hydric soils within each lake catchment.

Lake Perimeter (m)
Surface 

area (m2) Volume (m3)
Maximum 
depth (m)

Catchment 
area (m2)

Hydric soil (% of 
catchment area)a

Anderson 2435 129,112 1,635,931 12.2 1,638,366 29.7

Beaver 2452 69,578 683,172 11.9 685,624 8.0

Bufo 1557 82,096 427,373 11.9 428,930 6.6

Clay 2092 129,960 1,849,634 13.7 1,851,726 3.0

Flakefjord 1197 41,895 294,387 6.1 295,584 6.0

Reynard 2511 143,442 1,276,521 13.7 1,279,032 6.4

Wishbone 2330 70,482 661,783 12.2 664,112 14.5
aHydric soil estimates from Wisconsin Department of Natural Resources Surface Water Data Viewer GIS tool (https://​dnr.​wisco​nsin.​gov/​topic/​​Surfa​ceWat​er/​swdv).

https://dnr.wisconsin.gov/topic/SurfaceWater/swdv


5 of 13

We defined drought periods as those months when estimated 
evapotranspiration rates exceeded precipitation inputs; cumu-
lative water volume estimates were negative, and hydric soils 
were assumed to dry out during these months. We estimated the 
amount of additional acidity potentially generated due to oxida-
tion of reduced sulphur in these dried soils (Wood 1989; Devito, 
Hill, and Dillon 1999; Eimers et al. 2007; Vermaat et al. 2016). 
We assumed that the acidity generated by these oxidation re-
actions was mobilised to lakes during runoff-generating events 
immediately following these dry periods. To quantify the acid-
ity generated by drying of hydric soils, we used the estimate of 
16.3 μeq m−2 of oxidative acidity reported by Wood  (1989) for 
dry peatland soils. When monthly cumulative water volume was 
negative, we used Equation (2) to estimate the area of dried hy-
dric soil in each lake catchment and multiplied this estimate by 
16.3 μeq m−2 (Equation 3) to calculate the amount of oxidative 
acidity flushed to lakes when subsequent cumulative water vol-
ume estimates were positive.

where: CWV, cumulative water volume deficit in m3; DHS, area 
of dried hydric soil in m2; HSA, total hydric soil area in m2; HSV, 
total hydric soil volume at threshold in m3.

where: OA, oxidative acidity in μeq.

Although acidity can also be generated at several steps in the ni-
trogen cycle, nitrogen uptake and retention by vegetation in om-
brotrophic peatlands is typically high (Wood 1989). As such, our 
estimates of catchment acidity export do not incorporate acidity 
generated via nitrogen cycling.

We treated the time variable—quantified as the number of 
months since the initiation of sample collection in May 1984—
as a fixed effect in all model parameterisations, allowing us to 
test for interactions between time and other fixed effect predic-
tors (described below). Time was defined as an ordinal variable 
to better align the repeated measures time-series nature of the 
dataset with the irregular monthly sampling frequency inher-
ent to the study design, and to better reflect the gap in available 
ANC data from 1996 to 2006.

2.4   |   Model Development and Assessment

The repeated measures nature of our study, which also incorpo-
rated measurements across multiple lakes, necessitated a mixed 
effects modelling approach to appropriately reflect the variance 
structure of the dataset. We followed a model selection proce-
dure similar to those outlined by Zuur et al. (2009) and Harrison 
et al. (2018) to determine the optimal parameterisation of fixed 
and random effects for our dataset.

Linear mixed effects models are widely used in economet-
rics and the social sciences, and are seeing more widespread 

application in the natural sciences (Harrison et al. 2018). The 
primary advantage of mixed effects models is the inclusion 
of ‘random effects’ to account for the lack of independence 
among measurements taken within groups (lakes, in our case) 
while simultaneously estimating the effect of model predictors 
(‘fixed effects’) on the response variable across all groups. In 
the initial model selection process, the fixed effect structure 
for lake ANC included the following predictors: total monthly 
atmospheric acid deposition, organic acidity from saturated 
hydric soils, organic acidity from dried hydric soils, and time, 
as well as the interactions of all non-time fixed effects with 
time. Additionally, we considered three possible random ef-
fect structures: no random effect (analogous to an ordinary 
least squares regression approach), a random effect of lake 
with random intercepts, and a random effect of lake with un-
correlated random slopes and intercepts. From these potential 
fixed and random effects structures, the optimal model was 
selected by comparing Akaike Information Criterion (AIC) 
and Bayesian Information Criterion (BIC) scores for all mod-
els, with the lowest scores indicating the optimal random ef-
fect structure (Zuur et al. 2009). Fixed effect parameters were 
retained in the model based on a p-value threshold of p < 0.05 
for the parameter t-statistic. The appropriateness of the mixed 
effect model approach was validated by examining the intra-
class correlation coefficient, with a coefficient value greater 
than zero indicating that observations within a group are 
correlated, supporting the inclusion of a random effect (Zuur 
et  al.  2009). Additionally, model residuals were checked for 
violations of linear regression assumptions (e.g., homoscedas-
ticity, normality of residuals) and for serial autocorrelation. 
We assessed the accuracy of model estimates by regressing 
model-predicted ANC values against measured values and 
evaluating the strength of linear fits based on regression R2 
and p-values.

2.5   |   Statistical Analyses

All statistical analyses were conducted using R version 4.0.3 
(Venables and Smith 2020). We used packages ‘nlme’ and ‘plm’ 
for mixed effects model specification and testing of model as-
sumptions. Package ‘stats’ was used to evaluate the linear fits be-
tween measured and model-estimated lake ANC values within 
individual lakes and across all lakes. We note that the datasets 
used for model specification and evaluation include only those 
measurements that occurred from 1984 to 1995 and 2007 to 
2018, due to the aforementioned issue with laboratory ANC de-
termination from 1996 to 2006. Because precipitation amount 
and chemistry were measured continuously at nearby NADP 
sites throughout the 1984–2018 study period, we evaluated tem-
poral trends in atmospheric acid deposition and organic acid in-
puts to lakes during all months from May 1984 through August 
2018 using Mann-Kendall trend tests in packages ‘NADA2’ and 
‘modifiedmk’. Due to the censored nature of the hydric soil 
runoff estimates (i.e., many zeros in the dataset during months 
with no runoff) and the presence of serial correlation in the post-
drought runoff data, a modified Mann-Kendall test described by 
Hamed and Rao (1998) was used to evaluate the trend in organic 
acidity in post-drought hydric soil runoff.

(2)DHS =
CWV ×HSA

HSV

(3)OA = DHS × 16.3 �eq m−2
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3   |   Results

3.1   |   Temporal and Spatial Patterns in Measured 
Lake ANC Values

Although the irregular timing of sample collections precluded a 
true time-series analysis of lake ANC, visual inspection of indi-
vidual lake ANC patterns suggests increasing ANC in all lakes 
over time (Figure  2). Mean lake ANC ranged from 32.8 μeq 
L−1 in Anderson Lake to 71.9 μeq L−1 in Beaver Lake (Table 2) 
and showed a significant negative correlation with in-lake rel-
ative ANC variability (as quantified by the coefficient of vari-
ation (CV); r = −0.82, p = 0.02, n = 7). The absolute variation in 
ANC (as quantified by the standard deviation; Table 2) was not 
correlated with mean ANC, showing no systematic increase 
or decrease with changing mean ANC across lakes. These 

relationships suggest that within-lake ANC variability was not 
responsible for the differences in mean ANC we observed across 
the study lakes, and that differences in mean lake ANC did not 
necessarily scale with the degree of within-lake ANC variability 
over time.

Mean lake ANC also showed significant relationships with 
metrics of landscape position and lake morphology. When 
Bufo Lake was excluded, there was a significant negative rela-
tionship with land surface elevation (R2 = 0.75, p = 0.03, n = 6; 
Figure 3) and a significant positive relationship with the ratio 
of catchment area to lake surface area (R2 = 0.86, p = 0.01, 
n = 6; Figure  3). These relationships became non-significant 
when the mean ANC for Bufo Lake was included in the re-
gressions (R2 = 0.40, p = 0.12, n = 7 for land surface elevation; 
R2 = 0.04, p = 0.66, n = 7 for catchment area to lake surface 
area ratio). Both lake elevation and the ratio of catchment area 
to lake surface area have been used as broad-scale indicators 
of lake biogeochemical status (Webster et al. 1996, 2000; Kratz 
et al. 1997; Riera et al. 2000). Similarly, the distance of each 
lake from the regional groundwater divide was also positively 
related to mean lake ANC across all lakes (R2 = 0.70, p = 0.02, 
n = 7; Figure  3). Although the strong relationship between 
mean lake ANC and the distance from the regional groundwa-
ter divide suggests that groundwater inputs may differentially 
influence ANC across the study lakes, the strong divergence 
of Bufo Lake from the relationship between mean lake ANC 
and catchment to lake surface area ratio and lake elevation 
may result from complex surface and subsurface dynamics in 
the RLW. For example, the low relief and hummocky terrain 
of the RLW area precludes digital approaches to watershed 
delineation, necessitating personal experience and expert 

FIGURE 2    |    Measured ANC in study lakes during sampling events between May 1984 and August 2018. Lakes are ordered by distance from the 
nearby groundwater divide (recharge zone); distances are indicated with lake name.

TABLE 2    |    Mean ANC and coefficients of variation for study lakes.

Lake
Mean ANC 
(μeq L−1)

ANC coefficient 
of variation

Anderson 32.8 0.77

Bufo 33.8 0.82

Reynard 37.6 0.49

Wishbone 46.6 0.48

Clay 47.5 0.46

Flakefjord 66.3 0.38

Beaver 71.9 0.37
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knowledge for watershed delineation. In addition, patterns in 
the water isotopic compositions (δ2H and δ18O of H2O) of lake 
water, local groundwater and local summer precipitation fur-
ther support the idea that Bufo Lake may be less influenced by 
groundwater inputs than would be expected based on the el-
evational position of the lake or its distance from the ground-
water divide (Figure 4). Although the elevation of Bufo Lake is 
most similar to that of Clay and Flakefjord Lakes, suggesting 
the potential for groundwater inputs (Figure  3), the isotopic 
composition of Bufo Lake is nearly identical to that of Reynard 
Lake, which is the lake nearest to the regional groundwater di-
vide and is, like Bufo Lake, characterised by a low mean ANC 
(Figures 3 and 4).

3.2   |   Selection of the Optimal Lake ANC 
Response Model

Among the three models considered in our analysis, the random 
intercept model had both the lowest AIC value (3504, compared 
to 3627 and 3516 for the no random effect and random slope and 
intercept models, respectively) and the lowest BIC value (3534, 
compared to 3654 and 3564 for the no random effect and random 
slope and intercept models, respectively; Table 3). The random 
effects structure of the final model therefore included random 
intercepts only.

The main effects of atmospheric acidity, organic acidity runoff 
from saturated hydric soils, organic acidity runoff from dried 
hydric soils following drought, and time were each statistically 
significant in the model (Table 4). However, as none of the in-
teractions with time were statistically significant, no interaction 
terms were included in the final model.

After removing the non-significant interactions from the 
model structure, the final random intercept model included 
main effects for atmospheric acidity and both categories of or-
ganic acidity, and time. The intraclass correlation coefficient 
for the final model was 0.73, indicating that measurements 
within lakes were strongly correlated and thus validating the 
appropriateness of the mixed effect modelling approach for 
our dataset. Visual inspection of residual autocorrelation plots 
showed no strong tendency toward positive or negative serial 
autocorrelation, and model residuals were homoscedastic, 

indicating that the final model did not violate these linear re-
gression assumptions.

3.3   |   Temporal Changes in Model Predictors 
of Lake ANC

Mann-Kendall trend tests indicated a significant decrease in the 
acidity of atmospheric deposition over the study period, with a 
Kendall τ value of −0.36 (p < 0.001; Figure 5, Table 5).

FIGURE 3    |    Mean lake ANC vs. landscape characteristics in the RLW. Dashed grey lines and grey text represent regression fits with all lakes in-
cluded; solid black lines and black text represent regression fits with Bufo Lake excluded.

FIGURE 4    |    Dual isotope plot of hydrogen vs. oxygen isotopic com-
position of lake water (black circles), local groundwater (blue star and 
lines) and summer precipitation (red star and lines). The blue star 
shows the mean composition of 17 groundwater samples collected 
from wells located throughout the Washburn/ Great Divide Unit of the 
Chequamegon-Nicolet National Forest (Fehling et  al.  2018). The red 
star shows the mean composition of 14 summer precipitation samples 
collected throughout northern Wisconsin (Kendall and Doctor 2004). 
Vertical and horizontal blue and red lines indicate the ranges of re-
ported isotope values for groundwater and precipitation endmembers, 
respectively. Distance values after lake names indicate the distance of 
each lake from the local groundwater divide.
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Trends in organic acid flushing from hydric soils to lakes varied 
depending on lake and precipitation regime. Estimated organic 
acidity contributions from runoff events immediately follow-
ing drought increased significantly in all RLW lakes except 
Bufo Lake over the study period; post-drought organic acid-
ity contributions decreased over time in Bufo Lake (Figure  5, 
Table 5). Conversely, organic acidity contributions following all 
other runoff events (i.e., events not following drought) differed 
among lakes, with a significant positive trend only occurring in 
Anderson Lake and non-significant positive or negative trends 
in all other lakes (Figure 5, Table 5).

3.4   |   Model Estimates of Lake ANC

When evaluated across the entire set of study lakes, model-
predicted lake ANC values compared well with the measured 
lake ANC values (R2 = 0.50, p < 0.001, Figure  6a). However, at 
the scale of individual lakes, the accuracy of model-predicted 
ANC values was highly variable, but statistically significant 

in all lakes. Although modelled ANC values compared well to 
ANC measurements, an excessively high modelled ANC value 
for Flakefjord Lake resulted in a larger divergence from the 1:1 
line of measured vs. modelled-predicted ANC values in that lake 
(Table 6, Figure 6b).

4   |   Discussion

4.1   |   Lake ANC Responses to Changing 
Precipitation Chemistry

The long-term decline in wet atmospheric deposition acidity 
from 1984 to 2018 (Figure  5) largely reflects the dramatic re-
ductions in SOx and NOx emissions across the United States 
following implementation of the Clean Air Act Amendments of 
1990 (Stoddard et al. 2003; Burns et al. 2011). Lake monitoring 
in acid-sensitive regions of the United States—which encom-
pass nearly all of the Upper Midwest and New England, and 
much of the Appalachian and Adirondack Mountain ranges 
(Stoddard et  al.  2003)—has revealed a steady increase in the 
ANC status of many lakes, concomitant with the long-term de-
cline in acid deposition (Stoddard et al. 2003; Kahl et al. 2004; 
Driscoll et  al.  2016). However, ANC recovery trends in other 
lakes have been less straightforward in response to decreasing 
deposition acidity (Jeffries, Clair, et al. 2003; Clair et al. 2007; 
Strock et  al.  2014; Watmough and Eimers  2020). In the seven 
RLW lakes monitored in our study, the overall increase in ANC 
was modest compared to ANC increases reported for other acid-
sensitive regions (Kahl et al. 2004; Waller et al. 2012; Driscoll 
et al. 2016), but the generally similar patterns in ANC response 
across all seven lakes in our study (Figure 2) suggest that chang-
ing acid deposition chemistry over time was an important driver 
of ANC response in these seepage lakes.

4.2   |   Changing Precipitation Regimes and Organic 
Acidity Fluxes

Despite the long-term decline in atmospheric deposition acidity, 
ANC recovery has been modest in our study lakes and in lakes 
throughout the Upper Midwest and southeastern Canada com-
pared to many other acid-sensitive regions (Jeffries, Brydges, 
et  al.  2003; Jeffries, Clair, et  al.  2003; Clair et  al.  2007). The 
extensive wetland cover and prevalence of organic matter-rich 
soils throughout much of the low-relief, glaciated landscape of 
the Upper Midwest and southeastern Canada may contribute 
to this differential response across regions and landscape types 
(Clair et  al.  2007). In a study of organic matter-driven nutri-
ent loading in the same RLW lakes investigated in our study, 

TABLE 3    |    Random effects structures, model formulations, AIC and BIC values for tested models.

Random effects structure Generalised model formulation AIC BIC

OLS regression (no random effects) yi = β0 + β1Xi + ei 3627 3654

Random effect of lake, random intercepts yi = β0 + L0i + β1Xi + ei 3504 3534

Random effect of lake, random intercepts, uncorrelated random slopes yi = β0 + L0i + (β1 + L1i)Xi + ei 3516 3564

Note: yi = ANC in lake i; β0 = population intercept; L0i = intercept of lake i; β1 = population slope; L1i = slope of lake i; Xi = matrix of fixed effects for observations in lake i; 
ei = residual error.

TABLE 4    |    Coefficients (standard error) and p-values for random 
intercept model parameters.

Coefficient (std.err.) p

Intercept 25,690.00 (11,990.00) 0.070

Fixed effect

Total atmospheric 
acidity (eq)

2.226 (1.232) 0.072

Organic acidity 
in saturated soil 
runoff (eq)

−1.911 (0.570) 0.001

Post-drought 
organic acidity in 
runoff (eq)

−1.967 (0.566) 0.001

Time (mos. Since 
sampling onset)

128.000 (14.360) < 0.001

Total atmospheric 
acidity × time

−0.003 (0.003) 0.353

Organic acidity 
in saturated soil 
runoff × time

0.002 (0.002) 0.355

Post-drought 
organic acidity in 
runoff × time

0.001 (0.002) 0.559
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Corman et  al.  (2018) reported significant declines in lake sul-
phate concentrations from 1984 to 2016, but observed no trend 
in pH over the same time period. However, declining sulphate 
concentrations in all lakes were associated with significant 
increases in lake colour, or ‘browning’ (Corman et  al.  2018), 
suggesting that any potential increase in lake pH (or ANC) fol-
lowing reductions in atmospheric sulphate deposition may have 
been offset by the effect of increased acidity contributions to the 
lakes from wetland runoff. Decreasing ionic strength of precipi-
tation inputs may have also facilitated increased solubility of soil 
organic matter in the study watersheds over time (Lawrence and 
Roy 2020; Monteith et al. 2023), contributing to the increased 
DOC delivery to and browning of the study lakes as reported 
by Corman et al.  (2018). Regardless of the mechanism behind 
the increased lake browning, previous studies have demon-
strated that organic acids can directly regulate lake ANC sta-
tus depending on the composition of organic acidic functional 

groups (Driscoll, Fuller, and Schecher 1989; Clair, Dennis, and 
Vet 2011; Marty et al. 2021).

The effect of pulsed acid inputs from wetlands to lakes following 
oxidation (drying) events has been previously studied in weakly 
buffered systems throughout North America (Dillon, Molot, and 
Futter  1997; Devito, Hill, and Dillon  1999; Jeffries, Brydges, 
et al. 2003). Under dry conditions, lower water tables facilitate 
the oxidation of reduced sulphur compounds stored in previ-
ously anoxic soils; once oxidised, this sulphate can be mobilised 
to receiving waters during subsequent wetland runoff events 
(Dillon, Molot, and Futter 1997; Devito, Hill, and Dillon 1999). 
Eimers et  al.  (2003) reported high sulphate concentrations in 
streams draining wetlands following drying and re-wetting 
cycles, and Aherne, Futter, and Dillon  (2008) suggested that 
lake recovery from acidification can be hampered by climate ef-
fects, with sulphate export increasing following drought events. 

FIGURE 5    |    Annual average precipitation and atmospheric and organic acidity trends for Anderson Lake, shown as 12-month moving averages. 
Atmospheric acidity trends were similar in all lakes; trends in organic (hydric soil) acidity were similar for all lakes except Bufo Lake. Bufo Lake 
showed minor or non-significant trends in organic acidity.

TABLE 5    |    Kendall τ slope values (p-values) for atmospheric deposition acidity, organic acidity runoff following drought, and organic acidity 
runoff following non-drought periods during the study period.

Lake Atmospheric deposition acidity Post-drought organic acidity
Non-drought 

organic acidity

Anderson −0.36 (< 0.001) 0.09 (0.01) 0.09 (0.03)

Beaver −0.36 (< 0.001) 0.21 (< 0.001) −0.01 (0.78)

Bufo −0.36 (< 0.001) −0.13 (0.001) 0.02 (0.55)

Clay −0.36 (< 0.001) 0.21 (< 0.001) −0.01 (0.78)

Flakefjord −0.36 (< 0.001) 0.21 (< 0.001) −0.01 (0.78)

Reynard −0.36 (< 0.001) 0.21 (< 0.001) −0.01 (0.78)

Wishbone −0.36 (< 0.001) 0.21 (< 0.001) −0.01 (0.78)
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Similarly, Kerr et  al.  (2012) observed significant increases in 
stream sulphate response following seasonal drying; the degree 
of response was positively related to the percent saturated area 
and percent of catchment area in wetland coverage; our results 
also reflect these catchment drivers, as illustrated by the sig-
nificant positive trends in the estimated post-drought oxidative 
acidity contributions to most lakes from dried hydric soils over 
the study period (Table 5). Our observations add to the body of 
literature emphasising the importance of wetlands as potential 
episodic sources of acidity to lakes under both drought and non-
drought conditions (Figure 5).

4.3   |   Lake Morphology, Position and Resilience to 
Acid Inputs

The strong relationships we observed between mean lake ANC 
values and landscape and lake morphological characteristics, 
along with the lower ANC variability in lakes with higher mean 
ANC (Figure 3, Table 2) demonstrate the influence of landscape-
scale gradients on ANC status in RLW lakes. The spatial pattern 
in overall ANC status across our study lakes is related to vari-
ations in the degree of groundwater connectivity among these 
lakes. This influence of groundwater is demonstrated by the gra-
dient in water isotopic composition shown in Figure 4, where the 

δ2H and δ18O composition of water in higher mean ANC lakes 
was more similar to the isotopic composition of local ground-
water, whereas the lakes with lower mean ANC and higher 
topographic position had isotopic compositions more similar 
to a precipitation source. Driscoll et  al.  (2016) reported wide-
spread increases in 48 Adirondack lakes in response to declines 
in regional acid deposition rates, with mounded seepage lakes 
among the fastest to respond due to the predominance of precip-
itation as a hydrologic source. Our results are similar to those 
reported by Driscoll et al. (2016), as the lakes with less ground-
water influence (low mean ANC lakes) showed more relative 
variability in ANC across the study period than higher mean 
ANC lakes, which were more buffered from changing deposi-
tion inputs because of their connection to groundwater. Kahl 
et al. (2004) noted a similar response in the Upper Midwest of 
the U.S., describing the behaviour of seepage lakes in this region 
as ‘pass-through systems’ that are highly responsive to changing 
atmospheric deposition rates, similar to the low mean ANC lakes 
and in contrast to the high mean ANC lakes in our study. Lake 
morphology (e.g., mean and maximum depth, perimeter length, 
surface area) and landscape position (e.g., position within the 
local groundwater flow system, land surface elevation) are im-
portant regulators of water quality and aquatic habitat, particu-
larly in the glaciated landscapes of the Upper Midwest (Schnoor, 
Nikolaidis, and Glass 1986; Kratz et al. 1997; Riera et al. 2000; 
Martin and Soranno 2006; Webster et al. 2006). These physical 
characteristics can influence lake ANC status in both direct and 
indirect ways. For example, the degree to which a lake main-
tains connectivity to the local groundwater system is, in part, 
a function of its landscape position (Webster et al. 1996; Riera 
et al. 2000; Martin and Soranno 2006). However, the presence of 
localised perched water tables within and surrounding the study 
area (Fitzpatrick et al. 2015) may also foster spatially and tem-
porally heterogeneous groundwater connections, adding com-
plexity and nuance to the relationship between lake ANC status 
and landscape drivers such as lake elevation and catchment size. 
Additional tools such as water stable isotope analysis can clarify 
the role of subsurface hydrologic processes and inform our un-
derstanding of land surface and subsurface drivers of lake bio-
geochemical processes. Lake morphometry characteristics such 
as maximum and average depth can also indirectly affect in-lake 

FIGURE 6    |    Linear fit between measured and model-predicted ANC (a) across all study lakes and (b) in individual lakes. Grey dashed line indi-
cates the 1:1 line.

TABLE 6    |    Intercepts, slopes, R2 and p-values for individual lake 
regressions of modelled vs. measured ANC values.

Lake Intercept Slope R2 p

Anderson −8.23 1.25 0.58 < 0.001

Beaver 10.93 0.85 0.53 < 0.001

Bufo 14.02 0.56 0.48 < 0.001

Clay −26.70 1.58 0.71 < 0.001

Flakefjord 48.01 0.27 0.39 0.002

Reynard −2.41 1.06 0.62 < 0.001

Wishbone 17.84 0.62 0.59 < 0.001
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biogeochemical processes via their influence on water tem-
perature and stratification, which affect biogeochemical mix-
ing (Cornett  1989; Baines et  al.  2000; Richardson et  al.  2017). 
Similarly, lake orientation, shape and surface area can influence 
lake fetch, with implications for hydrologic and biogeochemical 
mixing (Robertson and Imberger 1994; Richardson et al. 2017). 
Lake sensitivity to external climatic drivers such as drought can 
also be mitigated or exacerbated by lake morphology and land-
scape position; evaporation rates may be greater in high surface 
area lakes, or shallow lakes may be more frequently affected by 
drought-induced water table drawdowns (Webster et  al.  2000; 
Magnuson, Benson, and Kratz 2004).

Such landscape and lake morphological characteristics have 
clear implications for the connectivity of lakes to groundwater 
(Webster et al. 2006) and, consequently, overall lake ANC sta-
tus. The spatial patterns and relationships with landscape and 
lake morphological features observed in our study may reflect 
a gradient of groundwater connectivity across the RLW; future 
research should focus on better quantifying variations in this 
likely important driver of lake ANC status. Lakes with higher 
mean ANC and lower overall ANC variability (e.g., Beaver and 
Flakefjord) may have a more consistent connection to ground-
water due to their lower position on the landscape, whereas 
groundwater connectivity in lakes with lower mean ANC and 
higher relative ANC variability (e.g., Anderson, Reynard, Bufo) 
may be more transient or completely absent. The wide range in 
accuracy of model-predicted ANC values we observed within 
individual study lakes suggests a spatial gradient in lake ANC 
responses. Lakes situated higher on the landscape and posi-
tioned higher in the local groundwater flow systems may be 
more strongly influenced by acidity inputs from atmospheric 
deposition and wetland runoff (Schnoor, Nikolaidis, and 
Glass 1986), as these lakes showed better agreement between 
measured and modelled ANC values. Conversely, ANC in 
lakes positioned lower on the landscape and local groundwater 
flow system may be more strongly influenced by biogeochem-
ical sources and processes insufficiently characterised by our 
model, that is, larger groundwater inputs and in-lake biogeo-
chemical processes. This would account for both the less robust 
model fits in these lakes as well as their generally higher ANC 
and lower overall ANC variability. Although we lacked data 
that would allow us to quantify the rates of groundwater in-
puts and in-lake biogeochemical processing in individual lakes, 
hydrochemical tracers (e.g., source water ion ratios, water iso-
topes) might aid the quantification of these potential contribu-
tors to and drivers of lake ANC status.

5   |   Conclusion

This study demonstrates the relationships among long-term 
changes in wet deposition chemistry, climate-mediated biogeo-
chemical processes in hydric catchment soils, and landscape-
scale drivers on seepage lake ANC responses in the Upper 
Midwest. Our mixed effect modelling approach revealed a shift 
in the relative contributions of acidity from atmospheric and 
catchment sources to RLW seepage lakes over time, and the wide 
range of model-predicted ANC across our study lakes suggests 
a gradient of lake-groundwater interactions across the RLW. 
Our results demonstrate that some poorly buffered northern 

Wisconsin seepage lakes may be vulnerable to transient acidi-
fication events following drying of hydric soils; this effect may 
be particularly acute in lakes situated in higher landscape posi-
tions. In addition, landscape position likely functions as a direct 
control on the ANC status of RLW lakes through regulation of 
lake-groundwater connectivity (Webster et al. 2006) and as an 
indirect control by influencing lake morphology and catchment 
characteristics (Kratz et al. 1997, 2006; Riera et al. 2000). The 
critical convergence of hydric soil, catchment hydrology, depo-
sition, and drought influences on lake ANC responses must be 
considered when assessing the biogeochemical status of seepage 
lakes in poorly buffered glaciated landscapes. Importantly, lake 
landscape position and the likelihood of shifting precipitation 
patterns should also be incorporated into evaluations of lake 
acidification risk when hydric soils have the potential to serve as 
a direct source of oxidative acidity to lakes.
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